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A B S T R A C T

We previously reported the bioaccumulation of contaminants of emerging concern (CECs), including pharma-
ceuticals and personal care products (PPCPs) and perfluorinated compounds, in field-collected juvenile Chinook
salmon from urban estuaries of Puget Sound, WA (Meador et al., 2016). Although the toxicological impacts of
CECs on salmon are poorly understood, several of the detected contaminants disrupt mitochondrial function in
other species. Here, we sought to determine whether environmental exposures to CECs are associated with
hepatic mitochondrial dysfunction in juvenile Chinook. Fish were exposed in the laboratory to a dietary mixture
of 16 analytes representative of the predominant CECs detected in our field study. Liver mitochondrial content
was reduced in fish exposed to CECs, which occurred concomitantly with a 24–32% reduction in expression of
peroxisome proliferator-activated receptor (PPAR) Y coactivator-1a (pgc-1α), a positive transcriptional regulator
of mitochondrial biogenesis. The laboratory exposures also caused a 40–70% elevation of state 4 respiration per
unit mitochondria, which drove a 29–38% reduction of efficiency of oxidative phosphorylation relative to
controls. The mixture-induced elevation of respiration was associated with increased oxidative injury as evi-
denced by increased mitochondrial protein carbonyls, elevated expression of glutathione (GSH) peroxidase 4
(gpx4), a mitochondrial-associated GSH peroxidase that protects against lipid peroxidation, and reduction of
mitochondrial GSH. Juvenile Chinook sampled in a WWTP effluent-impacted estuary with demonstrated releases
of CECs showed similar trends toward reduced liver mitochondrial content and elevated respiratory activity per
mitochondria (including state 3 and uncoupled respiration). However, respiratory control ratios were greater in
fish from the contaminated site relative to fish from a minimally-polluted reference site, which may have been
due to differences in the timing of exposure to CECs under laboratory and field conditions. Our results indicate
that exposure to CECs can affect both mitochondrial quality and content, and support the analysis of mi-
tochondrial function as an indicator of the sublethal effects of CECs in wild fish.

1. Introduction

Municipal wastewater enters wastewater treatment plants (WWTPs)
to undergo primary, secondary, and sometimes tertiary treatment pro-
cesses that target the removal of biosolids, dissolved organic matter,
and microbial contamination. Following these processes, the treated
effluent is discharged into receiving waters such as rivers, lakes, and
estuarine aquatic environments. Despite these treatment processes, re-
ports over the past decade have indicated that WWTP effluent contain a
broad range of structurally-diverse compounds which are subsequently
introduced into aquatic environments (Brooks et al., 2005). These in-
clude the chemical components of common household products such as

pharmaceuticals and personal care products (PPCPs), natural and syn-
thetic hormones from contraceptive medications, alkylphenol surfac-
tants, and perfluorinated compounds (PFCs) (Dickenson et al., 2011;
Jasinska et al., 2015; Kim et al., 2012; Lubliner et al., 2010; Vidal-
Dorsch et al., 2012). Compounds within the aforementioned chemical
classes are termed “contaminants of emerging concern” (CECs) as there
is currently little regulation of these chemicals in the environment
(Diamond et al., 2011; Halden, 2015; Naidu et al., 2016). These
emerging contaminants are frequently detected in environmental water
samples at low ng/L concentrations, but can bioaccumulate in aquatic
organisms (Meador et al., 2016; Vidal-Dorsch et al., 2012). Reports of
adverse biological effects in aquatic biota resulting from accumulation
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and exposure to effluent-borne CECs at these levels underscore the need
to clarify critical data gaps regarding their toxicity in non-target or-
ganisms.

Studies involving fish have indicated that behavior can be adversely
modified by exposures to CECs at environmentally-relevant con-
centrations under controlled laboratory conditions. These adverse ef-
fects on behavior include reduced predator avoidance (Painter et al.,
2009), altered predatory feeding behavior (Bisesi et al., 2016), de-
creased or increased aggression (Colman et al., 2009; Schultz et al.,
2012), and reduced sociality (Brodin et al., 2013). Adverse impacts on
fish reproductive function caused by CECs have also been reported
(Crago et al., 2016; Lister et al., 2009; Niemuth et al., 2015). For ex-
ample, a recent study in juvenile coho salmon (Oncorhynchus kisutch)
demonstrated impacts on the hypothalamic-pituitary-gonad axis caused
by exposure to 2 and 10 ng/L 17α-ethynylestradiol (EE2) and diluted
WWTP effluent (Harding et al., 2016). Finally, exposure to CECs can
inhibit metabolic function and rates of growth in several fish species
(Ashfield et al., 1998; Niemuth and Klaper, 2015; Yang et al., 2014),
which has implications on fish populations, as body mass has been
linked to survival in wild fish (Meador, 2014; Spromberg and Meador,
2005). Despite these findings, however, there are currently no estab-
lished biomarkers of exposure or effect of CECs on aquatic organisms
(Harding et al., 2016; Jasinska et al., 2015).

A review of the literature led us to the a priori observation that some
emerging contaminants cause dysfunction of mitochondria in humans
and laboratory animal models. Mitochondria are sensitive targets of
toxicity to numerous pharmaceuticals and environmental toxicants
(Meyer et al., 2013; Wallace and Starkov, 2000). A common mechanism
of mitochondrial toxicity is shared by a number of CECs, specifically,
inhibiting function of the mitochondrial electron transport system
(ETS). For example, the antidepressant medications fluoxetine (Souza
et al., 1994) and sertraline (Li et al., 2012) inhibit mitochondrial state 3
respiration in isolated rat liver mitochondria and are priority CECs
frequently detected in WWTP effluent (Kostich et al., 2014; Lubliner
et al., 2010; Meador et al., 2016; Vidal-Dorsch et al., 2012). In general,
a wide array of pharmaceutical medications, including anesthetics,
antidiabetics, antidepressants, and nonsteroidal anti-inflammatory
drugs, specifically inhibit the mitochondrial ETS in mammals (Chan
et al., 2005). Perfluorooctane sulfonamide (PFOSA) is a high-priority
perfluorinated compound that potently uncouples the mitochondrial
ETS in isolated rat kidney mitochondria (Schnellmann and Manning,
1990). Similarly, perfluorooctanoate (PFOA) and perfluorodecanoic
acid (PFDA) elevate mitochondrial state 4 respiration and reduce state 3
respiration in isolated rat liver mitochondria (Keller et al., 1992;
Langley, 1990) and are frequently detected in WWTP effluent. Finally,
the general-use antimicrobial agent triclosan is a component of nu-
merous personal care products and is a potent mitochondrial uncoupler
in rat and human mast cells, primary human keratinocytes (Weatherly
et al., 2016), and in 24-h post-fertilization zebrafish embryos (Shim
et al., 2016). Although the aforementioned mitochondrial effects were
mostly described in mammalian laboratory models, a recent study of 12
diverse fish species demonstrated that 65–86% of human drug targets
were evolutionarily conserved in the studied fish species, suggesting
that the mechanisms of action of many CECs may share commonalities
with fish (Brown et al., 2014). Collectively, these reports along with the
critical function of mitochondria in maintaining cellular energetics
warrant the investigation of mitochondrial toxicity as a biomarker of
sublethal toxicity of CECs in aquatic species.

In the present study, we hypothesized that environmental exposures
to CECs result in dysfunction of liver mitochondria in fish. We utilized
juvenile Chinook salmon, an ecologically- and economically-critical
species in the Pacific Northwest, and focused on hepatic mitochondria
because the liver is the primary site of xenobiotic biotransformation
and a target organ of toxicity for many CECs. Our approach was to
characterize the potential impacts of exposure to CECs on mitochon-
drial ETS function and associated mitochondrial oxidative injury in a

subchronic dietary study involving a complex mixture of the pre-
dominant analytes representative of field exposures. In a parallel field
study, we compared mitochondrial content and function in juvenile
Chinook collected from an estuarine field site that receives WWTP ef-
fluent, with those from a minimally-polluted reference site.

2. Materials and methods

2.1. Chemicals and reagents

Amlodipine, azithromycin dehydrate, and diltiazem were purchased
from Abcam (Cambridge, MA). Fluoxetine hydrochloride, gemfibrozil,
metformin hydrochloride, miconazole nitrate, perluorodecanoic acid
(PFDA), and sertraline hydrochloride were purchased from Cayman
Chemical (Ann Arbor, MI). Diphenhydramine hydrochloride, fluocino-
nide, and heptadecafluorooctane sulfonic acid (PFOS) were purchased
from Santa Cruz Biotechnology, Inc. (Dallas, TX). Amitriptyline hy-
drochloride, perfluorooctane sulfonamide (PFOSA), 3,4,4′tri-
chlorocarbanilide (triclocarban), and Irgasan (triclosan) were pur-
chased from Sigma-Aldrich Corp. (St. Louis, MO). Ethanol was
purchased from Decon Labs, Inc. (King of Prussia, PA). RNAlater® so-
lution was purchased from Ambion (Austin, TX). TRIzol® reagent was
purchased from Invitrogen (Carlsbad, CA). Quantitative real time PCR
(qPCR) primers were purchased from Eurofins MWG Operon
(Huntsville, AL). Tricaine methanesulfonate (MS-222) was purchased
from Argent Chemical Laboratories (Redmond, WA).

2.2. Dietary subchronic exposures of juvenile Chinook to a mixture of CECs

All methods associated with salmon husbandry, collection, and ex-
posures were approved by the University of Washington Institutional
Animal Care and Use Committee. Juvenile Chinook salmon (1 year of
age, approximately 45 g) were obtained from the Wallace River
Hatchery (Sultan, WA) under Washington State Scientific Collection
Permit 13-046 and ESA Section 10(a)(1)(A) permit 17798. The
hatchery-reared Chinook were housed in large cylindrical tanks
(n = 20 fish per tank) receiving ∼12 °C flow-through freshwater from
Lake Washington, Seattle, under a natural photoperiod at the UW fish
hatchery. Following acclimation, the juvenile Chinook were exposed
via diet to a mixture of 16 of the predominant CECs detected in field
samples based on data from the analytical field study (Meador et al.,
2016). The rationale used to prioritize the 16 mixture analytes for the
feeding study is presented in Supplementary Table 1. Calculated
amounts of stock solutions of each analyte (dissolved in ethanol) were
added to three separate volumes of 4 L of ethanol in order to generate
three mixture concentrations intended to mimic 0.3-, 1-, and 10-fold
concentrations of each analyte detected in field-collected fish. Bio-
Clark’s Fry 2.5 mm low-fat food pellets (Bio-Oregon, Longview, WA)
were dosed with the contaminant mixtures as described previously
(Meador et al., 2006). The feeding study consisted of four groups, in-
cluding the aforementioned three concentrations of the mixture of
emerging contaminants, and solvent control diets. Replicates of the
experimental treatments included 4 replicate tanks for solvent control
feed (n = 80 fish), 3 replicate tanks for 0.3x CEC feed (n = 60 fish), 4
replicate tanks for 1x CEC feed (n = 80 fish), and 3 replicate tanks for
10x CEC feed (n = 60 fish). Twice daily feedings (morning and after-
noon) were conducted five days per week, for a total of 50 feedings over
the 32-day dosing period starting on February 16, 2015. The mass of
mixture-treated feed administered to fish was increased each week by a
quantity assuming a growth rate of 2.2% body weight (bw) day−1

based on day 0 of the experiment (Meador et al., 2005). Following
exposures, AXYS Analytical Services Ltd. (Sidney, British Columbia,
Canada) employed multi-analyte HPLC/MS/MS techniques to measure
whole-body concentrations of CECs in laboratory-exposed fish. A total
of four composite samples (control, 0.3x, 1x, and 10x-treated fish) were
analyzed, consisting of one fish from each tank replicate resulting in a
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pool of n = 3–4 whole-bodies of fish per composite sample. Details
regarding analytical methods of whole body residue analysis with limits
of detection of each compound were reported previously (Meador et al.,
2016).

2.3. Field sampling of Chinook

Juvenile Chinook were collected from field sites as described pre-
viously (Meador et al., 2016). Briefly, fish were collected by beach seine
from a WWTP effluent-impacted site and a reference site in Puget
Sound, WA. The effluent-impacted Puyallup River estuary (PE) contains
eight WWTPs with a combined permitted effluent volume of 63 million
liters/day, with flows generally running much lower (Pierce County,
2010). By contrast, our reference site in the nearby Nisqually river es-
tuary (NE) does not receive inputs of WWTP effluent, and has been
utilized as a reference site in studies conducted in the Pacific Northwest
(McCain et al., 1990; Meador, 2014; Myers et al., 1994; Varanasi et al.,
1993). Live Chinook were transported to the laboratory in aerated
coolers filled with site water chilled with ice packs in order to maintain
the temperature of the water column measured at the field sites (13 °C).
Water quality parameters measured at each site on the date of sam-
pling, as well as body weights, lengths, and condition factors of the
field-sampled fish assessed in subsequent laboratory experiments are
reported in Supplementary Table 2.

2.4. Assessment of mitochondrial function in field-sampled and laboratory-
exposed fish

Liver mitochondrial function was assessed in 6–8 individual
Chinook salmon (two fish from each tank replicate) exposed to the
mixture of CECs as part of the dietary exposure study, and six individual
Chinook per field site. All fish from the field and laboratory studies
were sacrificed using 250 mg/L MS-222 prior to removal of liver tis-
sues. Oxygen consumption rates (OCRs) were measured in saponin-
permeabilized liver samples via high-resolution respirometry
(Oxygraph-2k, Oroboros Instruments, Innsbruck, Austria). Briefly, ap-
proximately 20 mg of liver tissue was gently homogenized with a glass
tissue homogenizer in 150 μL ice-cold respiration buffer (distilled H2O,
0.25 M mannitol, 10 mM MgCl2, 10 mM KHPO4 buffer, pH = 7.2).
Homogenized liver samples were transferred to a 1.5 mL centrifuge
tube containing an additional 135 μL ice-cold respiration buffer, and
centrifuged at 400 rpm at 4 °C for 5 min. Centrifuged liver samples were
then permeabilized on ice by addition of 15 μL permeabilization buffer
(50 μg/mL saponin in respiration buffer, 20 min, 4 °C). The total vo-
lume of permeabilized liver sample in 300 μL buffer was then trans-
ferred to an oxygraph chamber for analysis.

Experimental procedures for the assessment of ETS functional
parameters were performed as described (Yeh et al., 2015). Briefly,
respiratory substrates and inhibitors were sequentially added to per-
meabilized liver samples in the following order: 1) 5 mM pyruvate,
2 mM malate, 10 mM glutamate, and 2.5 mM ADP to induce state 3
respiration with complex I substrates only, 2) 10 mM succinate to
maximally induce state 3 respiration with substrates of complexes I and
II, 3) 2.5 μM oligomycin to induce state 4, or proton leak, respiration, 4)
2.5 μM CCCP to induce maximum respiratory capacity, or uncoupled
respiration, 5) 0.5 μM rotenone to measure uncoupled respiration with
complex I inhibition, i.e., uncoupled flux through complex II, 6) 2.5 μM
antimycin A to determine non-mitochondrial respiration, 7) 0.5 mM
N,N,N′,N′-tetramethyl-ρ-phenylenediamine (TMPD) and 2 mM ascor-
bate to determine flux through complex IV, and 8) 1 mM potassium
cyanide to inhibit complex IV. The non-mitochondrial rate of oxygen
consumption was subtracted from all measured functional parameters
before reporting final values. Similarly, the rate of oxygen consumption
after addition of potassium cyanide was subtracted from the rate of flux
through complex IV for normalization purposes. All experimentally-
determined mitochondrial OCRs were measured as pmoles O2/sec/mg

wet weight of liver sample. All mitochondrial function experiments
were conducted at 13 °C, the average temperature of the water column
in the field sites (Meador et al., 2016), and comparable to that of the
recirculating freshwater from Lake Washington used in the laboratory
exposure study (∼12 °C).

Livers from each fish assessed in the respirometry experiments were
further divided into three sections of approximately 20 mg each. Two
sections were snap frozen and stored at −80 °C for assessment of oxi-
dative injury in isolated liver mitochondria (described in the sub-
sequent section), and quantification of mitochondrial content. Liver
mitochondrial content was assessed in whole tissue homogenates by
measurement of activity of citrate synthase (an enzymatic marker of the
mitochondrial matrix) in a spectrophotometric plate reader assay ac-
cording to the manufacturer’s protocol (Citrate Synthase Assay Kit,
Sigma, St. Louis, MO). A third liver section was preserved in RNAlater®

solution and stored at −80 °C for gene expression experiments (de-
scribed in Section 2.6).

2.5. Analysis of oxidative injury in liver mitochondria

In the fish exposed to the contaminant mixtures in the laboratory,
mitochondrial fractions were isolated from liver tissue sections as pre-
viously described (Gallagher et al., 1992). Citrate synthase activity was
measured in the subcellular fractions to verify purity of intact mi-
tochondria. Oxidative modification of mitochondrial proteins was de-
termined by measurement of protein carbonylation in a fluorescent
plate reader assay according to the manufacturer’s protocol (OxiSelect
Protein Carbonyl Fluorometric Assay kit, Cell Biolabs, San Diego, CA).
Protein concentrations in the mitochondrial samples were determined
by the Bio-Rad Protein Assay (Bio-Rad, Hercules, CA). Total mi-
tochondrial GSH concentrations were assessed in a fluorescent plate
reader assay as previously described (Yeh et al., 2015). Mitochondrial
4-HNE-protein adducts were assessed in a competitive ELISA assay
according to the manufacturer’s protocol (Cell Biolabs, San Diego, CA).

2.6. Measurement of antioxidant and mitochondrial function gene
expression in laboratory-exposed fish

Procedures for isolation of total RNA from liver tissue, cDNA
synthesis, and PCR primer product validation were conducted as pre-
viously described (Ramsden and Gallagher, 2016). Prior to gene ex-
pression determination, the concentrations and quality of isolated liver
RNA were determined via Agilent 2100 Bioanalyzer system (Agilent
Technologies, Santa Clara, CA). Quantification of RNA transcript levels
for selected antioxidant and mitochondrial marker genes was then de-
termined in 300 ng of RNA per fish (n = 6–8 individuals per treatment)
according to the manufacturer’s recommended procedure for isolated
RNA.

Expression of hepatic genes involved in the cellular antioxidant
response and mitochondrial function were quantified in fish from the
dietary exposure laboratory study using a customized Quantigene® plex
2.0 (QGP) panel (Affymetrix, Fremont, CA) (Mills and Gallagher, 2017).
The antioxidant response genes included glutamate-cysteine ligase
catalytic subunit (gclc), phospholipid hydroperoxide glutathione per-
oxidase (gpx4), and mitochondrial superoxide dismutase (sod2). Genes
involved in mitochondrial function included peroxisome proliferator-
activated receptor (PPAR) Y coactivator-1a (pgc1-α), and nuclear re-
spiratory factor-1 (nrf-1). All target genes were normalized to the
geometric mean of the expression of beta actin (β-actin), and 60S ri-
bosomal protein L8 (rpl8). Primer sequence information (Supplemen-
tary Table 3) determined by preliminary PCR experiments was used by
Affymetrix to design custom QGP probe sets against the antioxidant and
mitochondrial function genes.
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2.7. Statistical analyses

All data sets were examined for potential outliers using the Grubb’s
test, and outlier values were excluded at significance level p < 0.05. In
the laboratory study, data reflecting mitochondrial content, ETS func-
tional parameters, concentrations of mitochondrial protein carbonyls,
total glutathione, HNE-protein adducts, and expression of antioxidant
and mitochondrial function genes were assessed for homogeneity of
variance by Bartlett’s test and comparison of means assessed by One-
Way ANOVA followed by Fisher’s Least Significant Difference post-hoc
test. Differences were considered significant at p < 0.05. In experi-
ments involving juvenile Chinook collected from the field, morpholo-
gical measurements, mitochondrial content, and ETS functional para-
meters were assessed for homogeneity of variance by F test, followed by
comparison of means by Unpaired t-test. Differences between means
measured in reference and polluted site fish were considered significant
at p < 0.05. All statistical analyses were conducted in GraphPad Prism
Ver. 5.0 (Graph Pad Software Inc., San Diego, CA, USA), with the ex-
ception of Fisher’s Least Significant Difference post-hoc test which was
conducted using the Analysis ToolPak in Microsoft Excel (Microsoft ®

Excel ® 2016). We also performed log-transformed analyses of our data,
as well as analyses by linear regression. Results of these analyses were
similar to those of the non-transformed data and are not discussed.

3. Results

3.1. Results of the feeding study

3.1.1. Bioaccumulation of CECs in laboratory-exposed fish
A summary of concentrations of CECs measured in Chinook salmon

fed the dietary mixtures is presented in Table 1. Of note was that the
sum of all observed compounds in whole-body fish was relatively low,
ranging from 51 ng/g wet weight (ww) for the low dose treatment to
795 ng/g ww for the high dose. The analytes bioaccumulated at roughly
the proportion intended between treatments, with 14 of the 16 CECs in
the mixture bioaccumulating in Chinook salmon following the 32-day
dietary exposure. Eleven of the compounds, including the PPCPs ami-
triptyline, amlodipine, azithromycin, diltiazem, diphenhydramine,
fluoxetine, metformin, miconazole, and the perfluorinated compounds
PFDA, PFOS, and PFOSA, were detected in whole-body samples from all
three of the experimental contaminant mixture groups. Three other
analytes, gemfibrozil, sertraline, and triclocarban, were detected in the
high concentration (10x) treatment group only. Only two analytes,
fluocinonide and triclosan, were below detection limits in all whole-

body samples. None of the studied CECs were detected in control fish.
No fish mortalities occurred as a result of the 32-day dietary exposure to
the mixture of emerging contaminants.

3.1.2. Mitochondrial function and content in laboratory-exposed fish
Liver CS activity was significantly reduced by 29% relative to con-

trols in fish exposed to the medium (1x) dose of the contaminant
mixture (Fig. 1A). Fish exposed to the low (0.3x) and high dose (10x)
mixture diets also trended toward lower CS activity relative to controls,
but values did not reach statistical significance at p < 0.05. Re-
spirometry experiments determined similar rates of state 3 respiration
(induced by complex I, and complex I + II substrates), uncoupled re-
spiration, and fluxes through complexes II and IV per liver homogenate
in control and mixture-exposed fish (Table 2). By contrast, state 4 re-
spiration was significantly elevated by all tested doses of the con-
taminant mixture; specifically, 40 and 70% elevation relative to con-
trols in the low and medium dose groups, and high dose group,
respectively (Table 2). Subsequently, OCRs measured in respirometry
experiments were normalized to CS activity, and indicated that ex-
posure to CECs caused an overall elevation of respiration per unit mi-
tochondria. State 3 respiration (complex I substrates only) was sig-
nificantly elevated by 46% in fish exposed to the medium dose of the
mixture (Fig. 2A). Similarly, oxygen flux through complex II was sig-
nificantly elevated by 42% in fish exposed to the high dose of the
mixture (Fig. 2E). Mixture-exposed fish also trended toward elevated
rates of state 3 respiration with complex I + II substrates (Fig. 2B),
uncoupled respiration (Fig. 2C), and flux through complex IV (Figs. 2F)
per mitochondria. Moreover, the dietary exposure to CECs induced
significant 40 and 70% increases in the rates of state 4 respiration per
unit mitochondria in the medium and high dose groups, respectively
(Fig. 2D), which drove the significant reduction of RCR and RCRu in all
mixture-exposed fish relative to controls (Fig. 2G and H).

3.1.3. Effect of dietary exposure to CECs on mitochondrial oxidative injury
Mitochondrial protein carbonyl formation was significantly elevated

by 27–39% in the livers of fish exposed to the medium and high doses of
the contaminant mixture diets (Fig. 3A). The increase in mitochondrial
protein carbonyl formation occurred concomitantly with a 32% re-
duction in the liver mitochondrial GSH pool in fish exposed to the high
dose mixture (Fig. 3B). By contrast, the levels of HNE-protein adduct
formation (Fig. 3C) did not differ between control and mixture-exposed
fish. Expression of the mitochondrial antioxidant response gene gpx4
was significantly elevated by 85% in fish exposed to the high dose of the
contaminant mixture (Fig. 4A). However, expression of the other

Table 1
Whole body concentrations of CECs measured in laboratory-exposed Chinook salmon.

CEC analyte Field study data (Meador et al., 2016) Laboratory exposure study: Concentrations after day 32 of feeding study

Fish tissue ng/g Control ng/g (RL) 0.3x ng/g (RL) 1x ng/g (RL) 10x ng/g (RL)

Amitriptyline 0.63 U (0.13) 0.13 (0.13) U (0.12) 0.96 (0.1)
Amlodipine 0.81 U (0.59) 1.2 (0.59) 1.1 (0.59) 20 (0.58)
Azithromycin 1.7 U (1.81) 2.8 (2.42) 1.8 (0.65) 29 (0.733)
Diltiazem 1.5 U (0.24) 17 (0.32) 11 (0.23) 100 (1.1)
Diphenhydramine 2.6 U (0.24) 1.8 (0.23) 1.2 (0.24) 14 (0.23)
Fluocinonide 6.5 U (2.4) U (2.9) U (3.8) U (3.0)
Fluoxetine 4.8 U (0.59) 1.4 (0.59) 1.0 (0.59) 20 (0.58)
Gemfibrozil 1.3 U (0.59) U (0.59) U (0.59) 3.3 (0.58)
Metformin 28 U (2.88) 4.5 (3.03) U (4.7) 40 (2.61)
Miconazole 1.6 U (0.73) 1.2 (0.75) U (0.68) 13 (0.63)
PFDA 0.78 U (0.50) 1.3 (0.44) 2.2 (0.50) 31 (0.48)
PFOS 35 U (0.99) 5.7 (0.88) 7.5 (0.99) 130 (0.95)
PFOSA 2.2 U (0.59) 6.0 (0.53) 9.1 (0.59) 190 (0.57)
Sertraline 11 U (0.52) U (0.52) U (0.52) 9.1 (0.52)
Triclocarban 5.2 U (1.18) U (1.17) U (1.18) 8.7 (1.16)
Triclosan 25 U (23.5) U (23.4) U (23.5) U (23.3)

Table legend: Fish tissue concentrations from the field study represent mean analyte concentrations measured in field samples. “RL” reporting limit; “U” below detection limit.
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antioxidant response genes gclc and sod2 was not different among
control and exposed fish (Fig. 4 B and C). Measurement of genes in-
volved in mitochondrial function revealed significant 24–32% reduc-
tion of pgc1-α in the medium and high dose-exposed fish (Fig. 4D).
Expression of nrf-1 also trended toward reduction in mixture-exposed
fish, but did not reach statistical significance at p < 0.05 (Fig. 4E).

3.2. Results of the field study

Field site water quality parameters and morphological data for field-
collected fish utilized in the respirometry experiments are reported in
Supplementary Table 2. Similar temperature, pH, and dissolved oxygen
content of the water column were observed at the reference and con-
taminated sites. Salinity of the water column at the polluted site
(23.5 ppt) was higher than that measured at the reference site
(15.5 ppt), but values at both sites were within the range of salinity
previously reported for Puget Sound estuaries (Department of Ecology,
2014). Condition factors of fish from the two field sites did not sig-
nificantly differ (Supplementary Table 2).

Fish from the contaminated site had 33% lower liver citrate syn-
thase (CS) activity relative to reference site fish, but these differences
were not statistically significant (p = 0.09) (Fig. 1B). Similarly, no
significant site differences were observed with respect to rates of state 3
respiration (induced by complex I, and complex I + II substrates), un-
coupled respiration, state 4 respiration, and fluxes through complexes II
and IV per liver homogenate (Table 3). Subsequently, mitochondrial
OCRs were normalized to CS activity to determine rates of respiratory
activity per unit mitochondria. Upon normalization, contaminated site
fish trended toward elevated respiratory activity per mitochondria re-
lative to reference site fish. Specifically, fish from the contaminated site
trended toward elevated State 3 (complex I, and complex I + II) and
uncoupled respiration per unit mitochondria (Fig. 5A–C), and elevated
rates of flux through complexes II and IV per unit mitochondria (Fig. 5E
and F). By contrast, rates of State 4 respiration per mitochondria were
similar among reference and polluted site fish (Fig. 5D). As a result,
respiratory control ratios (RCR) tended to be higher in contaminated
site Chinook relative to reference fish (p= 0.053, Fig. 5G). Uncoupled
respiratory control ratios (RCRu) also tended to be higher in Chinook
from the contaminated site (p = 0.08, Fig. 5H).

4. Discussion

4.1. Effects of exposure to CECs in field-collected Chinook salmon

In the field study, a trend toward reduced liver mitochondrial
content was observed in fish collected from the contaminated field site.
It is important to note that in addition to chemical exposures, non-
chemical stressors such as temperature (Lucassen et al., 2006) and
dissolved oxygen (DO) content (Cooper et al., 2002; Mandic et al.,
2014; Zhou et al., 2000) can affect mitochondrial content in fish tissues.
However, at the time of sampling, similar temperature and DO content
of the water columns were measured at the reference and impacted
field sites, and thus we can largely discount the potential effect of these
variables on our results. By contrast, salinity at the CEC-impacted site
was higher than that measured at the reference site, although within
the range of normal values reported for Puget Sound. Relatively few
studies have reported the effects of salinity on mitochondrial content in
fish tissues (Marshall et al., 1999; McCormick et al., 1989), and to our
knowledge, the effects of salinity on CS activity specifically in liver
tissue of fish have not been characterized, with the exception of a report
involving hatchery-reared juvenile coho salmon (Oncorhynchus kisutch)
exposed to increased salinity having reduced CS activity in gill tissues
(Shrimpton et al., 1994). The fact that we observed a similar reduction
in liver CS activity in Chinook exposed to the mixture of CECs in the
laboratory strongly suggests that the observed field effects were due to
these chemical exposures. However, it is also possible that other con-
taminants may have been present at the field sites and could also have
contributed to the observed effects.

As discussed, OCRs measured per liver homogenate were similar
between fish from the two field sites, with the notable exception of
lower rates of state 4 respiration in impacted site fish. As a result, the
RCRs measured in impacted site fish were higher than those of re-
ference fish, suggesting that mitochondrial function was more efficient
in fish from the CEC-impacted site. This finding was unexpected, as we
hypothesized that fish from the impacted site would present with ele-
vated state 4 respiration and lower RCR, indicative of mitochondrial
dysfunction. However, Du et al. (2015) compared liver mitochondrial
ETS function of Fundulus heteroclitus from a field site historically-con-
taminated with persistent organic pollutants to fish collected from a
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Fig. 1. Mitochondrial content in livers of Chinook salmon as mea-
sured by activity of citrate synthase (CS) (pmoles TNB/[s mg tissue]).
(A) CS activity measured in Chinook salmon following 32-day dietary
exposure to a mixture of CECs in the laboratory. *p ≤ 0.05 relative to
control fish. Data are mean CS activity ± SEM of n = 6–8 in-
dividuals. (B) CS activity measured in livers of juvenile Chinook
salmon from the NE reference site and PE impacted site. Data are
mean CS activity ± SEM of n = 6 individuals.

Table 2
Liver oxygen consumption rates (OCR) measured in laboratory-exposed juvenile Chinook salmon.

ETS functional parameter Liver oxygen consumption rates (pmoles O2/[s mg tissue]) ± SEM

Control 0.3x 1x 10x

State 3 (complex I) 8.4 ± 0.3 8.1 ± 0.4 9.4 ± 0.5 8.6 ± 0.8
State 3 (complex I + II) 14 ± 0.6 12 ± 0.8 13 ± 0.4 14 ± 1.4
Uncoupled 15 ± 0.6 12 ± 1.0 13 ± 0.8 15 ± 1.2
State 4 1.0 ± 0.0 1.4 ± 0.2 1.4 ± 0.1 1.7 ± 0.1
Flux through complex II 9.1 ± 0.4 7.8 ± 0.6 8.6 ± 0.6 9.6 ± 0.8
Flux through complex IV 16 ± 1.2 12 ± 0.8 14 ± 1.6 15 ± 2.2

Values in bold indicate p ≤ 0.05 relative to the control group. Data are mean liver mitochondrial oxygen consumption rates (OCR) ± SEM of n = 6-8 individuals per treatment group.
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reference site and observed lower rates of state 4 respiration in hepa-
tocytes from reference site fish hepatocytes, but no difference in rates of
state 3 respiration (Du et al., 2015). These findings are in concordance
with the results of the current study, and may indicate a cellular or
physiological adaptive response of fish in polluted environments to-
ward more efficient mitochondrial respiration.

A critical aspect of our mitochondrial function analysis was the
normalization of mitochondrial OCRs per homogenate to mitochondrial
content, as this led to the finding that respiration per unit mitochondria
tended to be greater in fish from the polluted site. Without normal-
ization to mitochondrial content, mitochondrial respiratory functional
parameters in liver homogenates were similar among fish from the re-
ference and impacted sites. However, as discussed, mitochondrial
content tended to be lower in fish from the contaminated site, sug-
gesting that liver mitochondria of contaminated site fish were respiring
at a greater rate than reference site fish. Our findings demonstrate the
importance of measuring mitochondrial ETS function as well as mi-
tochondrial content, as this methodology allows for the determination
of whether a chemical exposure-induced change in mitochondrial re-
spiratory activity was caused by a change in ETS function, or rather a
change in the quantity of mitochondria in tissue.

4.2. Bioaccumulation of CECs in laboratory-exposed Chinook

Accumulated concentrations of the emerging contaminants were
measured in fish whole bodies rather than in isolated livers. Our ra-
tionale was that measuring whole-body concentrations, rather than
tissue-specific concentrations, are more relevant for the assessment of
bioaccumulation and for comparing toxicity among species, particu-
larly for a given species at the same life history stage (i.e. juveniles in
the current study) (Meador, 2006). Measuring whole-body concentra-
tions also helped to mitigate potential allosteric effects due to differ-
ences in body size between the laboratory-exposed and field-collected
fish, as internal chemical concentrations were used as a common dose
metric among the two groups. It should be noted that allosteric effects
are indeed important for determination of external exposure con-
centrations due to differences in uptake and elimination kinetics
(Meador et al., 2008), but may be less important to consider when in-
ternal concentrations are being used as the dose metric.

Differences in body burdens of CECs among the low (0.3x), medium
(1x), and high (10x) dose treatment groups were smaller than expected.
In fact, bioaccumulation of CECs in the low dose group was similar or
higher than in the medium dose group for eight of the mixture analytes,
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Fig. 2. Liver mitochondrial oxygen consumption rates (OCRs, pmoles O2/[s mg tissue]) normalized to mitochondrial content as measured by citrate synthase activity (CS activity, pmoles
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specifically, amitriptyline, amlodipine, azithromycin, diltiazem, di-
phenhydramine, fluoxetine, metformin, and miconazole. This may have
been due to differences in reporting limits (RLs), which varied slightly
between treatment groups due to the total mass of whole bodies that
were analyzed, as many of the aforementioned analytes were detected
close to their RLs in the low dose group. Alternatively, these differences
in bioaccumulation may have been due to individual variance with
respect to rates of feeding or respiration, but further experiments are
required to validate these hypotheses. It should be noted that phar-
macokinetic data for these compounds in fish is largely unavailable,
and thus our experimental design regarding dosing and mixture con-
centrations of analytes was largely based on compound half-lives re-
ported in humans. Clinical data from humans indicate that the half-lives
of the tested compounds are short, specifically, 1.5–24 h for di-
phenhydramine, gemfibrozil, metformin, miconazole, sertraline, tri-
clocarban, and triclosan, and 10–60 h for amitriptyline, amlodipine,
azithromycin, and fluoxetine (Law et al., 2014; National Center for
Biotechnology Information). With the exception of the perfluorinated
compounds, whose half-lives are estimated to be years, these data
support the hypothesis that biotransformation and excretion of the
tested compounds occurred in the laboratory-exposed fish, resulting in
smaller differences in accumulated concentrations at the end of the 32-
day exposure period. However, further studies are required to validate
this hypothesis.

4.3. Effects of CECs in laboratory-exposed Chinook

In contrast to the somewhat ambiguous trends in certain mi-
tochondrial function parameters observed in field-collected fish, dys-
function of liver mitochondria was more clearly evident upon exposure
to CECs in the laboratory. Significant reduction of liver CS activity was
observed upon exposure to the medium dose of the mixture of CECs,
and gene expression data showed reduced pgc1- expression by dietary
exposure to CECs, underlying inhibition of mitochondrial biogenesis,
and reduced expression of nrf-1, which regulates the expression of
mitochondrial ETS subunits. Collectively, these results strongly suggest
that environmental exposures to mixtures of CECs can cause a reduction
in liver mitochondrial content in juvenile Chinook salmon. Other mo-
lecular markers of mitochondrial content, such as mitochondrial DNA
(mtDNA), cardiolipin content, protein expression of ETS complexes I–V,
and activities of complexes I–IV are of utility in future studies to elu-
cidate the impact of environmental exposure to CECs on mitochondrial
content in other tissues and species.

Similar to field-collected fish, the laboratory-exposed fish fed the
contaminant mixture diets had no difference in rates of mitochondrial
state 3 respiration per liver homogenate relative to controls, but
trended toward reduced liver CS activity. Hence, normalization of OCRs
to CS activity determined that exposure to CECs caused the respiration
rates per mitochondria in liver to increase. The fact that this trend was
also observed in field-collected fish provides further evidence to suggest
that environmental exposures to mixtures of CECs may increase the
respiratory activity per mitochondria, but additional analyses are
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Fig. 3. Indices of oxidative injury assessed in isolated liver mitochondria from Chinook salmon exposed to the mixture of CECs in the laboratory. Concentrations of: (A) protein carbonyls,
(B) total reduced and oxidized glutathione, and (C) HNE-protein adducts were determined in isolated liver mitochondria. *p ≤ 0.05 relative to the control group. Data are expressed as
percent of control values and are mean concentrations ± SEM for n = 6–8 individuals.
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warranted to verify this hypothesis. Given that the impacts of exposure
to CECs (both in the field and laboratory) were sublethal, this finding
suggests that the exposed fish were able to maintain homeostasis and
cellular ATP demand despite a reduction of liver mitochondria, and
therefore possessed fewer but more functionally-efficient liver mi-
tochondria. This could have occurred via stimulation of mitophagy,
increased expression of ETS complexes, morphological changes in the
mitochondrial inner membrane and cristae, or stimulation of other
pathways resulting in increased mitochondrial respiratory capacity.
These and other physiological and cellular adaptive responses to
maintain homeostasis and cellular ATP demand will be of interest in
future experiments.

In contrast to the field-collected fish, exposure to the contaminant
mixtures elevated state 4 respiration in the laboratory-exposed fish,
which indicated reduced efficiency of oxidative phosphorylation as
measured by RCR and RCRu. Similar elevation of state 4 respiration
may not have occurred in field-collected fish due to the controlled
nature of the laboratory study, which provided a consistent, daily
dietary exposure to the mixture of CECs. Differences in the timing of
exposures may have also played a role in the differential effect on state

4 respiration. The elevation of state 4 respiration in laboratory-exposed
fish may indicate an early response to exposure to CECs that was not
observed in the field-exposed fish. Alternatively, the laboratory ex-
posure involved a mixture of only 16 representative CECs, whereas a
complex mixture of chemicals is present in the Puget Sound aquatic
environment. Indeed, thousands of compounds with varying modes of
action are present that can ultimately cause protective or inhibitory
effects on liver mitochondria. The dietary exposure-induced elevation
of state 4 respiration may have been due to modulation of pathways
associated with regulated, inducible proton conductance via adenine
nucleotide translocase, or uncoupling proteins, which were not in-
vestigated in the current study. Several CECs in the mixture, including
the pharmaceutical fluoxetine, (Souza et al., 1994), the PPCP triclosan
(Shim et al., 2016), and the perfluorinated compound PFOSA
(Schnellmann and Manning, 1990) uncouple mitochondrial respiration
and increase rates of state 4 respiration in laboratory animal models.
Both fluoxetine and PFOSA bioaccumulated in Chinook salmon; how-
ever, triclosan was below detection limits in whole-body samples but
may have been present. All 16 analytes comprising the experimental
mixture were detected in samples of field-collected fish, including the
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Fig. 4. Effect of exposure to the mixture of CECs on antioxidant response and mitochondrial function-related genes. mRNA transcript levels of the antioxidant response genes (A) gpx4, (B)
gclc, (C) sod2, and mitochondrial function genes (D) pgc-1α, and (E) nrf-1 were measured in livers of juvenile Chinook salmon exposed to the mixture of CECs for 32 days. Gene expression
was normalized to the geometric mean of expression of reference genes β-actin and rpl8. *p ≤ 0.05 relative to the control group. Data represent-fold change in mRNA levels normalized to
the reference genes and are mean ± SEM of n = 6–8 individuals.

Table 3
Liver oxygen consumption rates measured in juvenile Chinook salmon from the reference and WWTP effluent-impacted field sites.

ETS functional parameter Liver oxygen consumption rates (pmoles O2/[s mg tissue]) ± SEM

Reference site Impacted site

State 3 (complex I) 13 ± 0.8 13 ± 1.5
State 3 (complex I + II) 17 ± 0.9 16 ± 2.0
Uncoupled 17 ± 1.0 17 ± 2.1
State 4 1.9 ± 0.3 1.3 ± 0.2
Flux through complex II 6.9 ± 0.6 6.3 ± 1.1
Flux through complex IV 27 ± 1.8 28 ± 4.8

Data are mean liver mitochondrial oxygen consumption rates (pmoles O2/[s mg tissue]) ± SEM of n = 6 individuals per field site.
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aforementioned chemicals that are potential mitochondrial uncouplers.
The physiological consequences of elevated mitochondrial state 4

respiration, which is a measure of respiration attributable to proton
leak across the inner mitochondrial membrane, has been an area of
interest to several investigators (Jastroch et al., 2010; Rolfe et al.,
1999). Proton leak across mitochondrial membranes can vary between
cell and tissue types. Across species, leak respiration is influenced by
body size and whether an organism is an endotherm or ectotherm
(Hulbert et al., 2002). Our results demonstrated that laboratory ex-
posure to the mixture of CECs increased the rates of state 4 respiration
in liver mitochondria, suggesting a reduction in the synthesis of ATP via
oxidative phosphorylation and reduced metabolic capacity in the liver.
This could suggest effects on growth and metabolic deficits. Indeed, our
results indicated that exposure to the emerging contaminants caused
deficits in growth, over the 32-day exposure period (unpublished re-
sults). One of the CECs in the experimental mixture was the pharma-
ceutical metformin, which is a known metabolic disruptor and inhibitor
of ETS complex I. Recent reports suggest that metformin may impact
growth in fish (Niemuth and Klaper, 2015). Other recent studies have
demonstrated that survival of juvenile Chinook salmon, particularly
during the first year spent in marine waters, is directly dependent on
growth. Furthermore, juvenile Chinook salmon migrating through
contaminated Puget Sound estuaries, many impacted by WWTP ef-
fluent, exhibited significant reduction in survival compared to those
migrating through uncontaminated estuaries (Meador, 2014). In this

way, the sublethal effects of exposure to CECs may indirectly cause
mortalities as a result of reduced population fitness (Spromberg and
Meador, 2005).

Mitochondrial respiration is a major source of intracellular reactive
oxygen species (ROS) (Brand, 2016). These ROS generated via oxidative
phosphorylation by cross-reactions occurring at ETS complexes include
superoxide, hydrogen peroxide, and hydroxyl radical, which can cause
oxidative damage to proteins and nuclear and mitochondrial DNA,
peroxidation of lipids, and depletion of mitochondrial and cytosolic
glutathione. This is consistent with our laboratory study that showed an
elevation of protein carbonylation in isolated liver mitochondria, in-
duction of the mitochondrial-protective antioxidant gene gpx4, and a
reduction of total mitochondrial glutathione in salmon exposed to
emerging contaminants. The fact that expression of gclc mRNA, a driver
of GSH biosynthesis, was not induced by exposure to CECs is consistent
with the strict cellular control of mitochondrial GSH (Mari et al., 2009).
However, we should also note that we did not discriminate reduced
from oxidized mitochondrial GSH in the present study, of which the
latter may better inform the effects of CECs on mitochondrial redox
status. Interestingly, others have proposed that increased proton leak
respiration is a cellular adaptive response against oxidative injury from
mitochondrial ROS production, i.e., the “uncoupling to survive” hy-
pothesis (Brand, 2000). Because oxidative injury was also associated
with elevated state 4 respiration, our results may indicate a compen-
satory uncoupling of mitochondria in fish exposed to the mixture of
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Fig. 5. Liver mitochondrial oxygen consumption rates (OCRs, pmoles O2/[s mg tissue]) normalized to mitochondrial content as measured by citrate synthase activity (CS activity, pmoles
TNB/[s mg tissue]) in liver of wild juvenile Chinook salmon (O. tshawytscha) from the reference Nisqually estuary (NE) and CEC-impacted Puyallup estuary (PE) field sites. Experimental
conditions to measure mitochondrial OCR were: (A) state 3 respiration with complex I substrates; (B) maximal state 3 respiration with substrates of complexes I and II; (C) maximum
uncoupled respiration; (D) state 4 respiration induced by oligomycin. Also, flux through (E) complex II and (F) complex IV were determined. Efficiency of oxidative phosphorylation as
measured by (G) respiratory control ratio (RCR) and (H) uncoupled RCR (RCRu) were calculated as the ratio of maximal state 3/state 4 respiration, and uncoupled/state 4 respiration,
respectively. Data are means ± SEM of n = 6 individuals.
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emerging contaminants.

5. Conclusion

In the present study we observed modulation of both the function
and content of mitochondria in liver of juvenile Chinook salmon after
exposure to a mixture of CECs at environmentally-relevant concentra-
tions. It is important to note that hatchery-reared, actively migrating
Chinook salmon are different from laboratory-reared Chinook salmon
with respect to a number of physiological parameters, including nu-
tritional status (Congleton and Wagner, 2006). Despite these differ-
ences, both field-collected and laboratory-exposed fish exhibited similar
trends and effects on liver mitochondrial content and with respect to a
number of parameters related to mitochondrial function. As a critical
aspect of molecular and physiological function, the liver mitochondrial
OCRs reported herein may aid in future studies involving other sal-
monids or fish species. Importantly, the effects on liver mitochondrial
content and function characterized in fish from the contaminated es-
tuary were largely replicated under controlled laboratory conditions in
an exposure study involving a representative mixture of CECs, under-
scoring the utility of Chinook salmon as a relevant biomonitoring spe-
cies.
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